INTRODUCTION
Fish have been used as biological indicators of environmental quality in many different aquatic ecosystems (Fausch et al., 1990; Whitfield, 1996) and their role as indicators has been explicitly mentioned in the legislation about water resources and aquatic environments, not only in the European Union and USA, but also in other countries (European Commission, 1992; European Union, 2000; Kurtz et al., 2001) . In all cases, these legislations focus on the need for an improvement in environmental quality, as well as for the assessment of ecological integrity as key tools for conservation, restoration and management activities.
During the last twenty years, biological monitoring has gained a broader consensus with respect to chemical monitoring, because the latter often misses relevant anthropogenic perturbations (e.g. channelization of river stretches) that may induce severe habitat degradation with little or no impact on water quality. Moreover, biotic responses usually integrate over time and space the effect of such perturbations, thus reducing the sampling error, which is usually smaller for biological attributes than for chemical ones. In fact, physical and chemical attributes of water are unsuccessful as surrogates for measuring biotic integrity (Karr and Dudley, 1981) . This opinion is also supported by Oberdorff and Hughes (1992) , who used data about the fish assemblage in the Seine River catchment to assess water quality. They found that comparisons between a biotic index and an independent water quality index (based on water chemistry) indicated that the former was a more sensitive and robust measure of water quality.
The usage of fish species as indicators in aquatic ecosystems is based on the assumption that fish species and fish assemblages are sensitive indicators, which are able to detect subtle environmental changes (Karr, 1981; Shamsudin, 1988) . Obviously, there are both advantages and disadvantages in using fish fauna as a biotic indicator, which depend on its particular ecological characteristics and on the scale of its interactions with the environment.
The advantages of biotic indicators of water quality based on fish fauna are numerous. For instance, fish assemblages are present in all aquatic ecosystems and their structure not only depends on biotic, physical and chemical constraints, but also on the hydromorphological continuity of rivers and streams.
Most fish species are easy to identify and specimens can be sampled and then immediately released after identification and biometric measurements, while the biology of fish species is usually well know, in many cases even at the physiological level.
From an ecological point of view, fish assemblages often include species that belong to different trophic levels, as well as to different trophic guilds. Changes in the structure of fish populations and assemblages integrate responses to environmental disturbances over long time intervals, while, depending on the characteristics of each species, they integrate those responses over different spatial scales: sedentary species respond to local disturbances, whereas mobile species respond to diffuse stressors. Moreover, a useful characteristic of fish as indicators is that many species are well suited for ecotoxicological tests, as they can be easily kept in captivity. Finally, there is a broad public awareness of the iconic role of fish fauna in aquatic ecosystems and this awareness, in conjunction with the economic value of many species, makes it easier to enforce monitoring activity based on fish or to take into account fish fauna in economic analyses.
Obviously, there are also disadvantages in the usage of fish as biotic indicators of environmental quality. In fact, unbiased sampling may be difficult or impossible to attain in some cases (e.g. large rivers). Fishing gear may be more or less selective, depending on environmental characteristics, as well as on fish species and size, while sampling may be biased by the mobility of fish according to seasonal, daily, nictemeral or occasional patterns. As for their ecological response to perturbations, some fish species may tolerate pollutants that are dangerous to other biota and they can also actively avoid anthropogenic disturbance. The advantages in the usage of fish as indicators, however, outweigh the disadvantages, especially in the case where environmental quality is not to be assessed on a very small spatial scale. The expected effects of disturbances on fish fauna are summarized in Table 2 .2.1, with respect to different levels of biotic organization. Independently of the level of biological organization, as well as of the spatial and temporal scale, the evaluation of the ecological status of an aquatic ecosystem based on biotic indicators (fish, as well as other organisms) is only possible if a suitable metric (or a set of metrics) is defined, which is appropriate for measuring deviation of the observed conditions from their expected status.
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This goal can be achieved in different ways, but two main options are available: (1) measuring the deviation of a set of functional and structural features of fish assemblages from those that are expected for pristine fish assemblages; (2) measuring the distance or similarity between observed fish assemblages and properly selected reference fish assemblages. In the latter case, the reference can be obtained from a number of sources, such as previous observations, historical records, biogeographical inferences, mathematical models, empirical knowledge, etc.
In both the above-mentioned cases, the whole fish assemblage is usually taken into account. This does not imply that single species cannot be used as indicators. On the contrary, single species can be used as biomonitoring tools, for instance, in ecotoxicological tests or by screening DELT (i.e. deformities, eroded fins, lesions, and tumours) anomalies. In fact, at the lowest end of the biotic organization scale, the effects of ecological disturbances on fish fauna can be detected by analysing specific molecular, genetic, metabolic or morphological responses, i.e. by taking into account appropriate biomarkers.
Although the use of biomarkers is gaining momentum (for a thorough review, see van der Oost et al., 2003) , it should only be considered in fish-based monitoring Monitoring Methods Based on Fish in case it is really needed and supported by a specific ecological rationale (e.g. in order to trace the bioaccumulation or biomagnification of pollutants that are not as concentrated in abiotic matrices as to directly affect community structure and functioning). Most fish species belong to the upper trophic levels and therefore they are often involved into such processes. Moreover, fish are complex and sensitive organisms that are well suited for setting up laboratory experiments, but they can also be sampled in a non-destructive way (e.g. by collecting blood samples).
As a matter of fact, the occurrence of a fish species is always a direct evidence for ecological conditions that are at least compatible with its survival, although it does not imply the existence of a self-sustaining, healthy population. On the other hand, the interpretation of biomarkers that are not directly related to short-term physiological responses is not as straightforward because of the mobility of most fish species. Moreover, biomarker-based approaches are typically species-specific and therefore difficult to generalize. Therefore, in this chapter biomarkers and fish physiological responses will be only taken into account as attributes of the fish assemblage in assemblage-oriented evaluation procedures, which, in contrast, will be discussed in detail.
MULTIMETRIC INDICES
Most of the monitoring methods based on fish fauna rely upon biotic indices and, in particular, upon multimetric indices, which combine different indicators (i.e. metrics) into a single score. Each candidate metric is separately tested and calibrated in order to adequately scale its values to obtain a unitless score, which can be easily aggregated to other scores into a multimetric index.
Different approaches have been used to arrange and to analyse biotic data, but they all start out with a list of the organisms that were collected and identified. In the past, the distribution of a few indicator species was used to assess watershed health, but the assessment procedure was often a little more complicated than just recording the occurrence of these indicator species. More recently, other sources of ecological information, such as population structure, presence of anomalies or diseases, etc., have been also taken into account and combined into multimetric indices.
Such multimetric indices were first called biotic indices because they scored the pollution tolerance of many different species, which were regarded as biological indicators. While biotic indices were expanding in use, other indices, such as those based on species diversity, grew in popularity and were used for many years. Recently, multimetric indices, such as the Index of Biotic Integrity (Karr, 1981) , have become a standard.
Four main points should be taken into account in developing an effective multimetric biotic index:
(1) Classifying homogeneous biotopes within or across ecoregions (e.g., large or small streams; high-or low-gradient streams, etc.).
(2) Selecting those metrics that reflect the most relevant and reliable responses to the effects of disturbances.
(3) Defining sampling designs and protocols that allow us to accurately measure the selected metrics in the field.
(4) Analysing collected data to relate this information to the watershed health as straightforwardly as possible (e.g. by means of simple linear functions).
Obviously, even the best index, if not adequately tested and widely accepted, is practically useless. Therefore, it is of paramount importance to rely on the widest base of testers and collaborators when developing a multimetric index. Even when a multimetric index has been correctly developed (see, for instance, Hughes et al., 1998) , its ability to measure environmental perturbations depends on the right combination of metrics that are taken into account. Of course, there are no general rules that can help in selecting proper metrics, but usually the latter are chosen on the basis of their presumed general ecological relevance or because of their responsiveness to specific perturbations (e.g. as shown by ecotoxicological tests). In any case, the selection of a metric should be also supported by adequate statistical evidences, and only metrics that are linearly or monotonically related to specific stressors or to general environmental conditions should be taken into account. The selection of metrics, however, is often based on literature references, on expert judgement (especially when existing indices are adapted to different regional conditions) or on a priori belief. A typical example of potentially biased metrics is the species richness, which is considered as a key metric in most multimetric indices. The intermediate disturbance hypothesis (Connell, 1978) and many field evidences, in fact, suggest that species richness is not monotonically related to environmental quality, as the highest values are usually observed in moderately perturbed sites rather than in pristine ones. Thus, the overall efficiency of a multimetric index can be impaired by a poor or biased selection of the underlying metrics.
INDEX OF BIOTIC INTEGRITY
The Index of Biotic Integrity (IBI) gained considerable popularity as a multimetric method for the assessment of the integrity of fish assemblage during the last two decades, not only in the USA (Karr and Dudley, 1981; Karr et al., 1986; Plafkin et al., 1989; Fausch et al., 1990) , but also in other countries (Hughes and Oberdorff, 1999) . The original version of the IBI includes twelve assemblage attributes (see Table 2 .2.2) that are compared to values expected for an unperturbed stream of the same size in the same ecoregion (Plafkin et al., 1989) . The assemblage attributes can be grouped into three main categories, i.e. species richness and assemblage composition, trophic composition and fish abundance and condition.
These attributes are scored according to the uneven integers 1, 3, and 5, which stand, respectively, for conditions that deviate strongly, moderately or slightly from situations at reference sites (Fausch et al., 1990) . The overall score, obtained by summing up those of the twelve assemblage attributes, is then categorized into discrete classes according to expert judgment, in order to provide an integrated scoring system for ecological integrity. A description of the compositional attributes of the fish assemblage is usually provided for each quality class. Usually, IBI scores are presented directly, or may be expressed as a percentage of the maximum . The original version of the IBI has been modified more or less substantially in order to preserve its rationale independently of the ecoregion in which it is applied. Therefore, it is probably more correct to think about the IBI as a flexible conceptual framework that can be easily adapted on a regional scale. Simon and Lyons (1995) pointed out that the IBI is not an index based on community analysis, but rather a procedure involving several hierarchical biotic levels and based on a sample of the assemblage. Since its first application, the IBI has been criticized by some Authors (e.g. by Suter, 1993) , although strong counter arguments have been also presented by others (e.g. Simon and Lyons, 1995; Karr and Chu, 1997; Hughes et al., 1998) .
Although the ecological principles on which the IBI is based are sound, its application in the original form, as well as in other adapted versions, may present problems when considered for use in some ecological regions.
In fact, the IBI relies on biotic attributes that require detailed historical and ecological information which is often not available. A particular problem is to be tackled when dealing with attributes involving proportions of fish species or functional groups, as little reference (e.g. pre-impact) information on them is usually available. Moreover, available data are often biased from a quantitative point of view. Lyons et al. (1995) , for instance, developed a preliminary IBI for streams in west central Mexico but expressed concerns on the scarcity of fish community data.
Another potential drawback of the IBI is its lack of sensitivity with respect to some disturbances. For instance, in the USA it was found that the IBI did not indicate a degradation of biotic integrity in prairie streams following intensive testing of armored vehicles. Fishes were naturally adapted to droughts and flash floods and their presence, as well as the structure of the assemblage, depended on their rate of colonization rather than on habitat changes (Bramblett and Fausch, 1991) . A similar situation can be expected in other ecoregions in which high variability in environmental conditions is observed, especially when associated with variability and unpredictability of rainfall and runoff within seasons and between years. In other words, a naturally high disturbance regime to which fish are adapted may affect the ability of the IBI to evaluate ecological quality, especially because there are several anthropogenic changes that may actually mimic these natural disturbance regimes.
A major problem in the adaptation of the IBI to European and other ecoregions is the number of fish species, which may be significantly less than in North American rivers. This problem affects all of the European ecoregions, but it is much more evident in Southern European rivers and streams, where only a handful of species is found. In such situations, it is not possible to adapt the original IBI scheme and deeper changes are needed in order to optimally exploit the relevant information conveyed by a simplified fish assemblage structure. The presence of juveniles, or even the age structure of fish populations, for instance, can be assumed as an example of an alternate metric in species-poor situations.
Notwithstanding these problems, the original IBI has been successfully adapted to many ecoregions. Several examples of localized IBIs exist not only for the United States and European countries (see for instance, Oberdorff and Hughes, 1992) , but also in many other countries, like, for instance, Canada, Mexico, Australia, South Africa, Guinea, Namibia, Cameroon, Korea, etc. (see, respectively, Steedman, 1988; Lyons et al., 1995; Kleynhans, 1999; Harris, 1995; Hugueny et al., 1996; Hay et al., 1996; Kamdem Toham and Teugels, 1999; An et al., 2002) .
OTHER BIOTIC INDICES
IBIs are not the only methods for evaluating environmental quality on the basis of fish assemblages. In fact, several other approaches have been proposed, and some of them rely upon different rationales. However, it is very difficult to trace the exact boundary between IBI-inspired methods and other procedures, because the underlying ecological concepts are obviously related.
MuLFA, for instance, is a method proposed by Schmutz et al. (2000) for the Austrian rivers and streams, which is certainly different from IBI. In fact, it takes into account multiple level of organization of fish fauna and river-type-specific assessment criteria, namely, presence of river-type-specific species, presence of selfsustaining populations, shifts in fish region, number of missing guilds, alterations in guild composition, changes in biomass and density, and changes in population age structure.
The final assessment of ecological integrity is obtained as a weighted average of the scores assigned to each criterion. An advantage of the MuLFA approach relative to other biotic indices is that the weighting scheme is not the same for all of the river types, thus allowing us to optimize the assessment of ecological integrity on a functional and regional basis. Another advantage of this simple and flexible method is that it encompasses different temporal and spatial scales, thus allowing the detection of a wide range of environmental effects of human alterations.
Other biotic indices are more closely related to the original IBI, although they focus on more sophisticated -and, probably, objective -methods for selecting or weighting an optimal set of metrics. An example of such an index is the one proposed for the Walloon part of the Meuse river basin (Belgium) by Kestemont et al. (2000) . This index was originally developed on the basis of twelve metrics by adapting the IBI rationale to the local ecological conditions. Then, a multivariate statistical procedure based on Principal Component Analysis (PCA) was used to identify the most relevant metrics with respect to local disturbances. In particular, a subset of metrics was selected on the basis of their PCA factor loadings, thus allowing the downscaling of the index to a simplified version which preserved most of the efficiency of the original version in assessing the ecological integrity of local rivers and streams.
Several indices include metrics based on population structure data, but the most straightforward implementation of this concept is probably the one that Badino et al. (1992) proposed for Italian rivers. Their Ichthyologic Index (II) is computed by multiplying species richness by a linear combination of two factors, obtained from tables provided by the authors, which accounts for population structure (presence of juveniles, sub-adults and adults) and for abundance of fish fauna relative to species richness. In this way, the II takes into account the two main components of fish assemblage diversity, namely the species richness to fish abundance ratio and the average demographic complexity of local fish populations. The II score can be also discretized in order to express the estimate of ecological integrity according to a scale of five quality classes.
COMPARISON WITH REFERENCE CONDITIONS
Most problems with the application of IBI and related indices arise in situations in which the fish assemblage structure is too simple and therefore it cannot convey enough information about the biotic response to environmental perturbations. Moreover, the growing number of different implementation of IBI-inspired multimetric indices, although necessary for a better adaptation to ecoregional conditions, is certainly narrowing the number of users of each local index, which often cannot be validated on the basis of a large number of independent applications. Therefore, measuring distance or similarity between the observed fish assemblage and a reference one seems a more objective approach to the assessment of ecological integrity than computing biotic indices. Of course, biotic indices may provide useful insights into ecosystem quality and they are certainly adequate in a number of practical applications, but they are always based on metrics that are selected on a subjective basis. It is obvious that a biotic index can be unreliable if wrong or scarcely relevant metrics are used, but it is still inherently subjective even when ecologically sound and sensitive metrics are carefully selected. For instance, in many cases closely related metrics are simultaneously used in the same index, thus increasing the relative influence of a single underlying ecological criterion. The most obvious example of such a lack of independence between metrics is provided by the number of species and the number of individuals in a given sample, which are both very common in biotic indices. Even though in low diversity assemblages it is possible to observe many individuals belonging to a very limited number of species, it is not possible to record many species in case only a few individuals have been observed. Moreover, in ecologically homogeneous sites the assemblage diversity is not likely to vary too much, and the number of species and number of individuals are more closely dependent on each other (and both of them depend on the sampling techniques). Thus, taking simultaneously into account both of these metrics increases the actual weight of species richness in the multimetric score.
Comparing observed and reference species richness is the simplest way to evaluate environmental quality using fish assemblages. This method has been applied in many cases and the observed to expected number of species ratio (O/E) has been regarded as an ecological indicator. According to this approach, the ratio should be larger than one in unperturbed conditions and smaller than one in perturbed conditions. The rationale supporting this method is absolutely straightforward and it has been applied in many different cases, such as, for instance, in the RIVPACS approach based on benthic macroinvertebrates (Wright et al., 1989) . However, it can be misleading. In fact, it is certainly true that strong disturbances induce a decrease in species richness because of the exclusion of non-tolerant species, but it is also true that moderate perturbations may actually favour an increase in species richness. As already mentioned about the selection of metrics in multimetric indices, the intermediate disturbance hypothesis (Connell, 1978) provides a theoretical background for this empirical evidence. Therefore, species richness should not be regarded as a criterion for evaluating environmental quality because in many cases it is not monotonically related to disturbance.
A problem with multimetric indices that is sometimes overlooked is that the latter cannot be readily applied in the case of "information-poor" situations, such as those often found in Africa or in other developing countries. Therefore, alternate solutions should be considered instead, such as those based on community analysis, in order 
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to assess ecological quality by comparing fish assemblage composition in a set of different sites. An application of this approach was presented by Ramm (1988) , who developed a community degradation index (CDI) based on the principles of the Jaccard similarity index (Jaccard, 1900 (Jaccard, , 1901 (Jaccard, , 1908 , which involves the number of species that are found both in the site to be evaluated and in a reference site, excluding other ecological aspects (i.e. trophic specialization, habitat specialization and intolerance) and considering abundance information unreliable. Methods based on the comparison of the observed fish assemblage to reference conditions are not affected by problems related to the selection of a suitable set of metrics. However, a critical step (and not a minor one) is the selection of an appropriate measure for distance or similarity between observed and reference assemblages. In fact, this measure must be accurately selected according to the quality and to the nature of the available information, which may be more or less affected by errors. For instance, information may be inaccurate from the quantitative point of view, or it may be not completely reliable as far as absence of species (that is usually an implicit assumption if no specimens are collected) is concerned. In particular, when species-absence data are reliable, they contribute to the overall information about the structure of a fish assemblage, whereas in many cases information about absence is not completely dependable, and species that are reported as absent may be actually present. In the first case, the meaning of absence and presence data is opposite, but equivalent, and symmetrical similarity coefficient can be used (e.g. simple matching coefficient). On the contrary, in the second case only the meaning of species presence is unequivocal, and absence records should be ignored. In this case, asymmetrical similarity coefficients are more appropriate (e.g. Jaccard's similarity).
In case quantitative differences are relevant, Euclidean distance or 'city-block' (Manhattan) metrics are usually adequate, whereas other distance coefficients are more appropriate in the case where relative abundances are to be compared. The complement of the Whittaker's association index (Whittaker, 1952 ) is a suitable choice for comparing abundance data normalized relative to sample total abundance, and it is particularly effective if the species lists to be compared are quantitatively heterogeneous. Finally, in case the role species play is independent of their abundance, the Canberra metric (Lance and Williams, 1966) assigns to each species the same weight. The Bray-Curtis distance (Bray and Curtis, 1957) , which is frequently used in community studies, varies within the [0,1] interval, thus allowing us to compare different distance values very easily. Providing further details on similarity and distance coefficients is beyond the scope of this present chapter, but a complete presentation, including many other coefficients, as well as relevant information about their usage, can be found in Legendre and Legendre (1998) .
In order to measure the distance from the reference conditions, the ecological meaning of "reference", as well as the associated fish assemblages, have to be clearly defined. The most obvious solution is to select a set of pristine sites and to assume their fish assemblages as the reference, thus considering as disturbed those sites in which, given environmental conditions similar to those of a reference site, the fish assemblage is different.
However, sampling fish assemblages at pristine sites is not the only way to define reference conditions, and in many cases it is not even possible because of the lack of really pristine sites. In such cases, reference conditions may be defined on the basis of other sources of information, such as historical records or species-distribution models.
MODELING FISH ASSEMBLAGES
While defining reference conditions according to historical records is a straightforward approach and data availability is the only real constraint, modeling species distribution involves a more complex procedure.
In fact, when information about species composition of fish assemblages is not available, neither from past studies nor from other records, the only viable solution for obtaining information about reference assemblages is based on mathematical models, which can predict the presence (or the abundance) of fish species, given an adequate amount of ecological information. In particular, the physical structure of rivers and streams can be often described by a relatively small number of morphodynamic attributes that, in turn, directly affect the distribution of fish species or which are related to other relevant attributes that are more difficult to quantify (e.g. discharge).
The best suited mathematical models for this task are based on an empirical approach, i.e. on the direct extraction of information from existing data sets. Statistical models, like those based on multiple linear or logistic regression, are a typical example of this category of models. An example of this approach was presented by Oberdorff et al. (2001) , who developed a set of probabilistic models based on logistic regression that are aimed at predicting the occurrence of 34 fish species in French rivers and streams. The models were based on eight predictive variables (including gradient, elevation, July and January mean daily maximum air temperature, stream width, mean depth and distance from headwater sources) and on the average explained about 60 % of the total variation in species richness. This result, according to the authors, was comparable to those of more sophisticated techniques, like, for instance, Artificial Neural Networks (ANNs), and the models were then applied for defining a fish-based index aimed at a nation-wide application in French rivers.
However, a clear trend in the literature about species distribution modeling shows that empirical models based on ANNs have become more and more popular during the last decade, proving to be the best tools for these applications. In fact, although several different modeling techniques may provide similar results in terms of overall accuracy, ANNs produced the greatest number of statistically significant models as far as fish fauna composition is concerned (Olden and Jackson, 2002) .
Even though the idea of modeling fish fauna composition on the basis of environmental variables is not new (e.g. Faush et al., 1988) , only recently have ANNs been applied to this problem. ANNs have been used to predict fish species richness (e.g. Guegan et al., 1998) , as well as density and biomass of single fish populations (Baran et al., 1996; Lek et al., 1996a,b; Mastrorillo et al., 1997a,b) and ecological characteristics of fish assemblages (Aguilar Ibarra et al., 2003) . As far as fish assemblages composition at river basin scale is considered, only a few models have been developed so far (e.g. Boët and Fhus, 2000; Olden and Jackson, 2001; Joy and Death, 2005; Scardi et al., 2004 Scardi et al., , 2005 . A complete description of the way ANNs work is obviously beyond the scope of this chapter and readers who are interested in the technical details will find more information and an introduction to ecological applications of ANNs in Lek and Guégan (1999) or in Fielding (1999) .
An example of the potentialities of ANN models in this context was presented by Scardi et al. (2004 Scardi et al. ( , 2005 in a recent study on Italian fish fauna, in which very reliable predictions about fish fauna composition were obtained on the basis of an ANN model on a regional scale. In particular, 20 environmental attributes (see Table 2 .2.3) were used to predict the presence or absence of 32 fish species in North-Eastern Italian streams and rivers.
The ANN model was then able to correctly predict presence or absence of fish species in the majority of the cases included in an independent data set, which was only used for testing purposes. The percentage of Correctly Classified Instances (CCIs), i.e. the percentage of correct predictions about species presence or absence, ranged from 79 to 99 %, with 91.6 % as the average value for the whole fish assemblage. Evaluating a species distribution model on the basis of CCIs, however, may be misleading, because very rare and very frequent species tend to be correctly Scardi et al., 2004 Scardi et al., , 2005 1 Elevation (m) 2 Mean depth (m) 3 Runs (surface) (%) 4 Pools (surface) (%) 5 Riffles (surface) (%) 6 Mean width (m) 7 Boulders (surface) (%) 8 Rocks and pebbles (surface) (%) 9 Gravel (surface) (%) 10 Sand (surface) (%) 11 Silt and clay (surface) (%) 12 Stream velocity (score, 0-5) 13 Vegetation covering (surface) (%) 14 Shade (%) 15 Anthropogenic disturbance (score, 0-4) 16 pH 17 Conductivity (µS cm −1 ) 18 Gradient (%) 19 Catchment's area surface (km 2 ) 20 Distance from source (km) predicted in most cases, even by models that return constant outputs. It is obvious, for instance, that a species that occurs in 5 out of 100 records will be predicted with a 95 % CCI accuracy by a model that always returns an 'absence' prediction. Therefore, a more accurate assessment of the ANN model performance was based on alternate validation strategies, including both K statistics (Cohen, 1960) and the Mantel test (Mantel, 1967) . In the first case, model predictions were significantly different from those of a random model for 27 out of 32 species and the model only failed with very rare species (≤ 3 % occurrence), i.e. when not enough information was available in data for describing species ecological properties and therefore for training (i.e., in ANN jargon, for calibrating) a model. In the second case, two Rogers and Tanimoto similarity matrices (Rogers and Tanimoto, 1960) were computed between 67 sites, based, respectively, on observed and predicted species composition. The resulting standardized Mantel statistics, which is a measure of the overall correlation between the two matrices, was highly significant (R = 0.84, p = 1.0, 10 5 permutations). This result provided a very clear evidence for the ability of the ANN model to consistently reproduce fish assemblage composition over a broad range of environmental conditions.
Further developments of ANN modeling of fish assemblage composition include quantitative predictions (species abundance or biomass) and, at least in the case of the most abundant species, predictions about the population structure (ranging from presence or absence of juveniles to frequency of age classes). It is very important to stress the fact that the feasibility of these advances in fish assemblage modeling depends only on the amount of available field data, as no methodological issues hinder such developments.
The need for large data bases as prerequisite for modeling is obvious, but it can be less strict in practice than in theory. In fact, modeling presence or absence of 32 fish species, as in the case that was just presented, implies 2 32 (i.e. about 4 billion) different assemblage compositions. In practice, however, the number of combinations that really occur is much smaller because of the effects of biotic constraints and interactions (e.g. about a hundred in the North-Eastern Italian fish fauna). Therefore, the number of records that are needed to calibrate complex models (and ANNs in particular) is not as large as expected on a theoretical basis and practical applications are actually feasible.
Fish assemblage composition models are obviously very useful tools for monitoring activities. In fact, the evaluation of environmental quality may be directly based on the comparison between observed and modeled fish assemblage composition, using an appropriate similarity or distance coefficient for defining the deviation from the expected structure of the assemblage. The selection of an appropriate coefficient is not a trivial task, of course, and it must be carefully based on the characteristics and limits of both the model and the field data to be analysed. For instance, in large rivers the absence of a species may be due to sampling problems rather than to unfavourable environmental conditions, whereas many models systematically fail in predicting the presence of rare species. In all such cases, an asymmetrical coefficient (e.g. Jaccard's similarity) is certainly more appropriate than a symmetrical one Monitoring Methods Based on Fish (e.g. the Rogers and Tanimoto similarity), as the latter relies on the assumption that information about fish assemblage composition is complete. Moreover, there are differences among similarity coefficients (both symmetrical and asymmetrical) which depend on the relative weight that is assigned to concordances and discordances in species composition. Selecting different coefficients implies changes in 'contrast' (using a pictorial analogy) between 'lights' and 'shades' in the environmental quality picture. Obviously, it is up to the modeler to select the optimal 'contrast' settings, i.e. the best suited similarity or distance coefficient.
Another key issue in applying species distribution models to environmental quality assessment is the selection of an appropriate data set for model calibration (i.e. training, in the case of ANNs) and validation. In fact, it is obvious that a model aimed at predicting undisturbed community structure as a reference for environmental quality assessment should be only based on information about pristine sites. However, given the more or less severe environmental alterations that affect many regions, records from really pristine sites may be very difficult to find, even taking into account a whole ecoregion and both contemporary and historical data. In such cases, a different strategy should be considered, which includes in calibration and validation data sets not only pristine sites, but a broader range of environmental conditions. The predicted fish assemblage, in this case, cannot be regarded as an absolute reference, as it reflects the average conditions within a heterogeneous set of records. Nevertheless, predictions about the fish assemblage structure in hypothetical pristine conditions can still be obtained from simulations performed by properly 'tuning' the model inputs.
Finally, predicting fish assemblage structure is not only relevant to the definition of reference conditions aimed at the assessment of environmental quality (Olden and Jackson, 2002) . In fact, it is an important achievement in the light of conservation and management strategies, and it can also help in optimizing sampling design for further research (Jackson and Harvey, 1997) . Other applications include prediction and evaluation of habitat alteration due to changes in land use (Oberdorff et al., 2001) , assessment of the potential risk of invasion and spread of exotic species (Peterson and Vieglais, 2001) , optimization of strategies for species reintroduction (Evans and Oliver, 1995) and simulation of changes in fish assemblage induced by environmental restoration (Scardi et al., 2004 (Scardi et al., , 2005 .
CONCLUSIONS AND PERSPECTIVES
The assessment of ecological integrity based on biotic indices is becoming a standard practice, and fish-based methods certainly play a major role in this field. Their main advantages over methods based on other organisms are two. The first one is the minimal taxonomical knowledge that is needed to support a fish-based study. In fact, the number of fish species is always much smaller than that of other types of aquatic organisms, such as, for instance, benthic macroinvertebrates or benthic diatoms, while the average size of specimens is much larger, so that it is easy to identify species at a glance. The second advantage is related to the public awareness of the ecological role of fish fauna, which is also associated with a clear understanding of its social and economical value. In fact, while other organisms are only relevant in technical or scientific contexts, the role of fish fauna is well known and broadly accepted, even from people who do not have such background.
Model-based methods are rapidly emerging, as they are the only tools that allow us to bridge the gap between a limited amount of field data and an increasing demand for ecological assessment based on comparisons with reference conditions. In some cases, models may also play a role in reconstructing pristine assemblage structures that have disappeared as a consequence of diffuse anthropic disturbance. Although statistical models provided very good results in predicting fish species distribution on the basis of environmental variables (e.g. Oberdorff et al., 2001) , Machine Learning techniques and, in particular, Artificial Neural Networks usually outperform conventional models (Olden and Jackson, 2002) .
In the future, when more and more field data will become available, the role of biotic indices will probably become less important, as well as that of model-based assessment methods, while real data and real time series will be eventually used to set reference conditions for further evaluations.
However, model-based evaluation procedures will still play a major role in river reaches that are deeply modified by anthropic impacts. It is obvious that in these cases no reference data about pristine conditions will ever be available. Therefore, the only way to assess ecological integrity will be based on the deviation from the expected fish assemblage, i.e. from the potential fish fauna that would be present if all of the anthropic disturbances were removed.
Independently of the assessment method, however, it is very important to bear in mind that no entirely objective procedures exist. Multimetric biotic indices may be subjective in the selection and in the scaling of metrics, but also comparing observed fish assemblages to reference ones is not as objective as it may seem. In fact, the deviation from reference conditions cannot be univocally defined, as it depends on the choice of a similarity or distance coefficient, which in turn is inherently subjective. As a general rule of thumb, the shorter the path from data to ecological assessment, then the better the method.
In this framework, it is certainly useful to stress the role played by sampling procedures, which is usually not critical in streams and small wadeable rivers, whereas it is a major one in larger rivers. In fact, an exhaustive census of the whole fish assemblage can only be obtained by means of proper electrofishing, which is very common in sampling activities focused on small rivers and streams, while it usually fails in larger rivers because of the physical complexity of the aquatic environment. In such cases, only a combination of sampling techniques (e.g. gill nets, fyke nets and seines) may provide reliable information about the fish assemblage structure, and only from a qualitative point of view, as abundance data and occurrence of rare species are often affected by severe errors. Moreover, reliable quantitative data can be obtained only for abundant species, provided that sampling activities are not occasional and that fishing gear is properly standardized and operated.
Monitoring Methods Based on Fish
Finally, a caveat is needed about multimetric indices, biomarkers and other approaches not involving data and methods that closely and accurately represent the ecological complexity of aquatic ecosystems. These tools may play a role and are certainly useful in many cases, especially when specific disturbances are to be monitored. However, our ability to understand complex ecological processes relies on the amount of field data we collect and on the work of skilled ecologists, who are able to identify species, analyse relevant information, model biotic and abiotic relationships, and understand relevant results. Therefore, oversimplifying the interpretation of ecological data or inferring complex ecological properties on the basis of simple chemical analyses, although sometimes attractive from the point of view of water policy and management, is not a strategy that is likely to pay off in the long run. On the contrary, the growing demand for assessment of ecological integrity, e.g. according to the EU Water Framework Directive (European Union, 2000), must be regarded as a unique opportunity for raising a new generation of 'real' aquatic ecologists.
